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Trophic cascades are extensively documented in nature, but they are also known to vary widely in strength and frequency
across ecosystems. Therefore, much eﬀort has gone into understanding which ecological factors generate variation in cascade strength. To identify which factors covary with the strength of cascades in streams, we performed a concurrent
experiment across 17 streams throughout the Sierra Nevada Mountains. We eliminated top consumers from experimental
substrates using electrical exclusions and compared the strength of indirect eﬀects of consumers on the biomass of primary
producers relative to control patches. In each stream we 1) classiﬁed the dominant invertebrate herbivores according to lifehistory traits that inﬂuence their susceptibility to predators, 2) determined the abundance and diversity of algae and herbivores, and 3) measured production-to-biomass ratios (P:B) of the stream bioﬁlm. This allowed us to assess three common
predictions about factors thought to inﬂuence the strength of trophic cascades: cascade strength 1) is weaker in systems
dominated by herbivores with greater ability to evade or defend against predators, 2) is stronger in systems characterized by
low species diversity, and 3) increases with increasing producer P:B.
When averaged across all streams, the indirect eﬀect of predators increased the biomass of periphyton by a mean 60%.
However, impacts of predators on algae varied widely, ranging from eﬀects that exacerbated algal loss to herbivores, to
strong cascades that increased algal biomass by 4.35 times. Cascade strength was not related to herbivore traits or species
diversity, but decreased signiﬁcantly with increasing algal diversity and bioﬁlm P:B in a stream. Partial regression analyses
suggested that the relationship between cascade strength and algal diversity was spurious, and that the only signiﬁcant covariate after statistically controlling for cross-correlations was algal P:B. Our study contributes to the ongoing debate about
why trophic cascade strength varies in nature and is useful because it eliminates factors that have no potential to explain
variation in cascades within these stream ecosystems.

Hairston et al. (1960) proposed that plant biomass on the
planet is indirectly maintained by predators that control the
abundance of herbivores, and therefore, the amount of plant
tissue eaten. Ever since the publication of this seminal paper,
ecologists have worked to test this hypothesis and quantify
how impacts of predators cascade through food webs to indirectly control the abundance and biomass of primary production. After several decades of research, we now know that
the presence or absence of trophic cascades can profoundly
impact community structure and primary production at the
base of a food web (Estes and Palmisano 1974, Paine 1980,
Carpenter et al. 1985, Kurle et al. 2008). But the ecological
role of predators in controlling plant biomass has proven to
be highly variable, both within and among ecosystems. As
such, there is now much interest in understanding which
ecological factors mediate variation in the strength of trophic
cascades (Brett and Goldman 1996, Pace et al. 1999, Polis
1999, Polis et al. 2000, Power 2000, Schmitz et al. 2000,
Halaj and Wise 2001, Shurin et al. 2002, 2006, Borer et al.
2005, Mooney et al. 2010).

Researchers have identiﬁed a number of potential factors that might control the strength of trophic cascades.
Here we focus on three, non-mutually exclusive variables
that have been widely discussed as potentially controlling the strength of trophic cascades among systems:
1) behavioral avoidance of predation by herbivores, 2)
community diversity, and 3) the production-to-biomass
ratio (P:B) of primary producers (Strong 1992, Schmitz
et al. 2004, Shurin and Seabloom 2005). First, it has been
argued that trophic cascade strength is a function of herbivore behaviors or traits that minimize interactions with
their predators, thereby allowing them to avoid predation
(Persson 1999, Schmitz et al. 2004). A three trophic level
cascade can be dampened if herbivores escape predation
via a behavioral or defensive trait and then return to continue grazing. Herbivore mobility and defense (e.g. shells)
are two such traits that could lead to increased herbivore
escape, turnover, and/or replacement, and a subsequent
dampening of trophic cascade strength. A prediction that
follows is that systems dominated by highly mobile or
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defended herbivores that can escape predation and continue grazing exhibit weaker trophic cascades (Fig. 1A).
Second, in his classic critique of the literature on trophic
cascades, Strong (1992) argued that cascades are likely to be
strongest in simple, linear food chains and weaker in more
diverse, reticulate food webs. His argument was based on
the assumption that more complex food webs have a higher
degree of producer and consumer redundancy. In other
words, an alternate conspeciﬁc is always ready to replace
those that are consumed or otherwise deterred from grazing. Others have built on this argument by suggesting that
the strength of trophic cascades is inversely proportional to
the magnitude of compensatory responses whereby surviving resource species compensate for the consumer-induced
reduction of other resource species (Polis and Strong 1996,
Polis 1999, Schmitz et al. 2000, Halaj and Wise 2001, Duﬀy
et al. 2007, O’Gorman and Emmerson 2009) (Fig. 1B).
Lastly, it has been proposed that the strength of trophic
cascades increases with increasing plant production-tobiomass ratios (P:B) or system productivity (Shurin and
Seabloom 2005). According to this hypothesis, plants that
allocate more resources to growth and photosynthetic tissue per unit biomass (and thus have higher P:B ratios) also
produce more edible structures that are nutritious to herbivores. The higher nutritional quality of primary production translates into greater palatability for, and ultimately
higher numbers of, herbivores. This paradigm assumes that
more energy is then available for predators, thereby increasing predator numbers and strengthening top–down control
(Cyr and Pace 1993, Cebrian and Duarte 1994, Duarte and
Cebrian 1996, Shurin and Seabloom 2005, Cebrian et al.
2010) (Fig. 1C).
A number of individual experiments have demonstrated
the potential for herbivore life-history traits (McIntosh and
Townsend 1996, Bernot and Turner 2001), species diversity
(Gruner 2004, O’Gorman et al. 2008), and ecosystem productivity (Wootton and Power 1993, Fraser and Grime 1998)
to moderate the strength of trophic cascades in individual
ecosystems. In addition, several meta-analyses have asked
which, if any, of these factors co-vary with the strength of
trophic cascades across diﬀerent ecosystems (Halaj and Wise

2001, Schmitz et al. 2004, Borer et al. 2005). Unfortunately,
the conclusions of these studies and analyses have seldom
agreed. In part, this may be due to the fact that individual
experiments and meta-analyses lie at opposite extremes of a
research continuum: the former sacriﬁces scope in order to
better understand why cascades operate in a single system,
whereas the latter seeks generality by looking for covariates
of trophic cascades across systems and experiments that are,
quite often, not directly comparable. As such, it is perhaps
not surprising that conclusions from individual experiments
often diﬀer from the generalizations of meta-analyses (compare Borer et al. 2005, Gruner 2004), and that meta-analyses
which have focused on diﬀering subsets of the literature have
come to divergent conclusions (compare Borer et al. 2005,
Edwards et al. 2010).
Given the inconsistency of results, researchers have begun
to use comparative approaches that integrate the strengths
of both individual experiments and meta-analyses (Tessier
and Woodruﬀ 2002, Power et al. 2008). Here we take a
similar approach to try and gain some insight into the factors that potentially control trophic cascades in streams.
We performed an experiment concurrently in 17 diﬀerent
stream ecosystems, using identical methods to eliminate top
consumers (trout) and measure the strength of subsequent
indirect eﬀects on the biomass of primary producers (periphyton). Streams are an opportune system for this type of
comparative work since past experiments examining ﬁsh,
invertebrates, and periphyton in streams have demonstrated
interactions that range from trophic ‘trickles’ (Townsend
2003) to strong behaviorally or density mediated cascades
(Power 1990,1992, Townsend 2003). Wide variation in the
strength of cascades is an ideal situation for identifying covarying factors such as the life-history traits of herbivores,
diversity, and plant P:B ratios (turnover rate). Our use of
comparative experiments complements other forms of study
on trophic cascades in the sense that, like meta-analyses, we
generalize the eﬀect size of higher consumers across multiple
study units in order to identify possible sources of variation.
Yet, by using identical methodology in systems that have
similar organisms and trophic structures, the list of possible
covariates that need be considered is greatly reduced.

Figure 1. (A) Prediction 1 argues that trophic cascades (TCs) are weaker in systems where the dominant herbivores are able to avoid predation through increased mobility or defensive structures (Persson 1999, Schmitz et al. 2004). (B) Prediction 2 argues that TCs are weaker in
more diverse/complex food webs (Strong 1992) because higher producer and/or herbivore diversity creates alternate pathways for energy
ﬂow to top consumers and also allows for compensatory responses whereby surviving resource species compensate for the consumerinduced reduction of species. (C) Prediction 3 states that the strength of trophic cascades increases as the producer production-to-biomass
(P:B) ratios increase (Shurin and Seabloom 2005). This prediction is predicated on the assumption that producers with higher P:B ratios have
more edible structures and faster turnover, thereby supporting higher densities of herbivores, and thus predators, leading to greater top–down
control.
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Methods
Study streams
Our experiments were performed in the summer of 2007
in 17 streams in the Mono Lake and Owens River basins
in the eastern Sierra Nevada mountain range near the Univ.
of California’s Sierra Nevada Aquatic Research Laboratory
(Fig. 2A). In choosing sites for our experiments, our goal was
to maximize variation in the composition, diversity, and productivity of stream food webs while still choosing sites with
similar trophic structures (streams with only three trophic
levels: algae, invertebrate grazers and trout). To accomplish
this, we used prior surveys of algae, invertebrates, and ﬁsh
throughout the region (Blinn and Herbst 2003, Herbst and
Blinn 2007) to identify a set of sites that exhibited maximal
variation in algal diversity and biomass, herbivore diversity,
and nutrient levels, but where all sites had trout as the top
consumer (California Dept of Fish and Game records were
used to identify streams dominated by either Oncorhynchus
mykiss or Salmo trutta). From this list we were forced to
eliminate a set of sites that were known to be frequented
by hikers and anglers, as well as sites where land access or
permitting were prohibitive. The remaining 17 streams represented secure and/or remote locations in which we could
set up experiments that would run undisturbed during the
three month period of the project.
Experimental treatments
To quantify the strength of trophic cascades in each stream,
we placed three unglazed ceramic tiles (15 ⫻ 15 cm) ﬂush
with the natural substrates in stream riﬄes, and used these as
standardized substrates for colonization by periphyton and
invertebrates. Although these tile substrates may appear small
to a human observer, it should be noted that the experimental

units were suﬃciently large to contain ﬁnal population sizes of
algae that averaged 1.9 ⫻ 105 algal cells per cm2 of tile area.
We used an electrical exclusion technique that has been
widely employed by stream ecologists (Opsahl et al. 2003,
Pringle and Hamazaki 1997) to vary the number of trophic
levels with access to the algal colonization substrates. Electrical ‘fences’ made of 17-gauge copper wires were aﬃxed with
Z-Spar underwater epoxy to the surface of each tile and connected to a solar powered fence charger that emitted a oneamp pulse s⫺1 (Fig. 2B). Because sensitivity to electrical shock
is inversely proportional to body size (Dalziel and Massoglia
1956), we were able to establish voltages that would exclude
all ﬁsh having body lengths greater than 5 cm (500 volts), or
to exclude ﬁsh and herbivores averaging greater than 5 mm
(1800 volts). In contrast to their impact on invertebrates and
ﬁsh, prior work has shown that these electrical exclusions are
not suﬃciently powerful to alter the growth or colonization
of algae (Pringle and Blake 1994).
One of the three tiles in each stream was randomly
assigned to serve as a control unit and contained the copper
wire ‘fence,’ but was not hooked to the solar fence charger.
This tile was colonized by periphyton and accessible to invertebrate grazers and predatory ﬁsh. The remaining two tiles
in each stream were randomly assigned to the low voltage
treatment from which predatory ﬁsh were excluded (leaving algae and herbivores) or the high voltage treatments on
which ﬁsh and invertebrate herbivores were excluded (leaving algae only). We did not observe invertebrate predators on
the tiles during any measurements taken in this experiment
(which has the potential to create four functional trophic
levels or intraguild eﬀects); therefore, we have simpliﬁed the
presentation of results by classifying tiles within a stream
as having one (algae only), two (algae ⫹ invertebrate herbivores) or three (algae ⫹ invertebrate herbivores ⫹ predatory
trout) trophic levels (TL). Tiles were incubated for 60 days
allowing for roughly 15–20 generations of algal growth.

Figure 2. (A) Location of the stream study sites in the Sierra Nevada mountain range of California (see Table 1 for stream abbreviations and
latitude and longitude locations for each stream). (B) We excluded predatory ﬁsh and herbivores from tiles placed within the streams using
electriﬁed fences made of copper wire and attached to solar powered fence chargers where capacitors were used to vary voltages between 500
and 1800 volts.
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Table 1. Names, abbreviations, and locations (latitude and longitude) of study streams, abundances of herbivores with predator avoidance
strategies (% mobile and % defended herbivores per stream), the numbers of herbivore and algal species present in each stream, the production-to-biomass ratio (P:B) for algae at carrying capacity on one trophic level tiles, and the metric used to indicate the strength of a trophic
cascade (TC) within a stream (ln [P⫹ⲐP⫺], where P ⫹ and P⫺ are algal biomass (measured as chlorophyll a) on experimental tiles in the
presence verses absence of ﬁsh predators, respectively).
Stream

Code

Latitude

Longitude

% mobility

Convict
Cottonwood
E. Walker
Green
Harvey
Hilton
Little Walker
Lower Rock
Mammoth
McGee
Mill
Pine
Rush
Summers
Upper Owens
Virginia
Walker Highway

CO
CT
EW
GR
HV
HI
LW
LR
MA
MG
MI
PI
RU
SU
UO
VI
WH

37° 36’ 52”
38° 27’ 03”
38° 22’ 53”
38° 09’ 33”
38° 16’ 57”
37° 33’ 33”
37° 32’ 45”
37° 32’ 45”
37° 37’ 51”
37° 34’ 07”
38° 01’ 52”
37° 24’ 46”
37° 52’ 44”
38° 21’ 07”
37° 44’ 56”
38° 04’ 45”
37° 54’ 30”

118° 49’ 55”
119° 26’ 15”
119° 11’ 13”
119° 13’ 24”
119° 17’ 56”
118° 45’ 20”
119° 26’ 59”
118° 38’ 60”
118° 59’ 45”
118° 47’ 00”
119° 10’ 40”
118° 38’ 01”
119° 06’ 19”
119° 16’ 50”
118° 54’ 59”
119° 12’ 11”
119° 05’ 42”

60.4
63.2
49.9
66.0
24.0
99.1
58.8
33.0
66.8
97.4
81.1
50.5
11.4
28.2
24.0
55.8
12.3

Now that we have described the key features of our study,
we would like to take a moment to point out the strengths
and weaknesses of our study design. We intentionally
designed our study to test hypotheses using a regressionbased approach in which each stream contributed just one
observation to the entire dataset and treatments were not
replicated in any given stream. Regression-based approaches
with fewer replicates and more treatments along an x-axis are
generally among the most powerful for detecting relationships among two or more variables and for generating quantitative estimates of covariance (Cottingham et al. 2005).
Because there were practical limitations to the number of
exclosures we could set up and manage, we felt it was more
powerful to add more streams to the dataset than to replicate treatments within streams. However, this design also
has obvious limitations. For example, without replication
of treatments in individual streams, we cannot say anything
about the signiﬁcance of indirect eﬀects of ﬁsh predators on
algae in any single stream ecosystem. Furthermore, including just one replicate per stream increases the chance of getting an erroneous measure of cascade strength (i.e. obtaining
an estimate that is not truly representative of the mean value
for that system). Presumably, erroneous data points become
statistically irrelevant as the number of streams included in
the dataset increase. But because our dataset contains just 17
streams total, readers should consider this caveat whenever
we report non-signiﬁcant results.
Measured variables
To measure the eﬀectiveness of the electrical exclusions,
we quantiﬁed herbivore densities on each tile at weekly intervals by counting individuals with the aid of a glass bottom
viewing bucket. This method allowed us to identify most
invertebrates to the level of family, and sometimes to genus,
which was suﬃcient to diﬀerentiate grazing invertebrates
from other functional groups. We quantiﬁed the frequency
with which ﬁsh visited each tile substrate, as well as the
1900

% defended
2.6
1.2
1.4
8.7
0.6
0.0
0.0
0.0
0.3
0.0
0.0
4.3
56.3
6.7
34.0
1.6
8.2

No. herbivore
species
7
11
8
7
7
4
9
4
8
5
5
4
7
10
9
10
6

No. algal
species
52
44
67
59
72
53
64
40
62
46
44
36
45
79
61
39
69

P:B

TC metric

0.008
0.004
0.023
0.004
0.012
0.016
0.010
0.002
0.012
0.009
0.003
NA
0.043
0.037
0.012
0.006
0.049

⫺0.1876
0.6444
0.3860
0.6868
0.3990
⫺0.2821
0.5725
0.9472
0.1648
0.0182
1.4651
0.8259
⫺0.1299
⫺0.2625
0.2768
0.5785
⫺0.3964

duration of time each ﬁsh spent foraging on invertebrates
during each visit. Fish visits were determined by visual observations conducted for a total of four hours at each stream
(split equally between dawn, 5:30–7:30 a.m., and dusk,
6:00–8:00 p.m.). An observer watched tiles from the stream
bank for a total of two hours in the morning, and two hours
in the evening on a single day. Using binoculars, the observer
counted the number of ﬁsh visiting the tiles over these two
hour periods, binning the number of ﬁsh visits at ﬁve minute intervals. The duration of each ﬁsh visiting a tile during
these observation periods was then timed using a stop-watch.
While this method allowed us to determine the eﬀectiveness
of ﬁsh exclusions, it did not allow us to distinguish which of
the two trout species visited the tiles.
At the end of the 60 day study period, each tile was pulled
from the stream and all sessile invertebrates were removed
and preserved in 90% EtOH for later identiﬁcation and
enumeration. Tiles were then placed individually in 2.7 l
airtight metabolism chambers which were ﬁlled with stream
water ﬁltered through a 1-um mesh. Initial dissolved oxygen
(DO) in each chamber was measured using an O2 probe.
Air bubbles were then removed from the chambers with a
syringe, and the chambers were sealed, covered with a tarp
to eliminate light, and incubated in situ at ambient stream
temperature for 1.3 ⫾ SD 0.1 h. After incubation, DO was
measured a second time and the change in oxygen concentration was used to calculate rates of dark respiration (R).
Chambers were then sealed and incubated a second time in
the light for 0.7 ⫾ SD 0.3 h. The change in DO over the
light interval was used to calculate net primary production
(NP). Gross primary production (GPP; mg O2 cm⫺2 h⫺1)
was then calculated as R ⫹ NP. We have used these methods
to successfully measure metabolism of stream periphyton in
numerous other studies (Cardinale et al. 2002, 2009).
Following measurements of GPP, algae were scraped from
the tiles, rinsed into a tray, brought to a constant volume,
and homogenized with a hand-blender. One sub-sample of
algae from each tile was ﬁltered onto a 25-mm GFF ﬁlter

which was placed into a 15-ml Falcon tube containing 10 ml
of 90% EtOH. Tubes were covered with aluminum foil and
transported to the lab on ice where they were kept dark and
in a freezer until later analysis of chlorophyll a (mg l⫺1) via
spectrophotometry to estimate algal biomass (Steinman and
Lamberti 1996). Biomass speciﬁc rates of production (plant
productivity-to-biomass ratios (P:B)) were calculated for all
streams (except one due to missing data) by dividing GPP by
values of chlorophyll a measured on tiles with predators and
herbivores excluded (1 TL) (Shurin and Seabloom 2005).
At the end of the experiment we further determined the
abundance, composition, and species richness of algae and
herbivores on natural substrates in each stream to assess the
pool of species that was available to colonize the tile substrates. To estimate algal diversity on hard substrates found
in riﬄe habitats, we used a toothbrush to remove algae from
15.9 cm2 sections on 10 median-sized rocks collected at
evenly spaced intervals along transects placed in two riﬄes
in each stream reach. These samples were pooled into a composite and preserved in 3% formalin for later counting and
identiﬁcation of algal species. The density of all Bacillariophyceae, Cyanobacteria, Chlorophyceae, Euglenophyceae
and Pyrrophyta were determined from material allowed to
settle in a Utermöhl chamber (Utermöhl 1958). A minimum
of 400 units (individuals, colonies or ﬁlaments) were identiﬁed from randomly selected transects at 480 ⫻ magniﬁcation. Diatom frustules were then cleaned via boiling in 30%
hydrogen peroxide, mounted in Hyrax, and identiﬁed at
1500 ⫻. Herbivores were collected from three Surber samples (0.25 ⫻ 0.25 m) taken in each of two riﬄes immediately
upstream of our experimental site. All herbivores were preserved in 90% EtOH, identiﬁed to the lowest possible taxa
(usually genus), and enumerated later in the laboratory.
Statistical analysis
To assess how well the electrical exclusions impacted ﬁsh foraging on the tiles, we used analyses of variance (ANOVA) and
Tukey’s post-hoc comparisons to determine if the frequency
of ﬁsh visits and/or time spent foraging on invertebrates
diﬀered among treatments. To address whether removal of
ﬁsh inﬂuenced herbivore densities (which were measured
through time), we used a repeated measures ANOVA to
test whether herbivore densities diﬀerentially increased or
decreased through time on the diﬀerent tile treatments.
Herbivory was quantiﬁed in each stream (except one due to
missing data) as the log ratio ln [Chl.a1TL tiles/Chl.a2TL tiles]
where Chl.a is the amount of chlorophyll a (algal biomass)
on tiles with algae only (1 TL) versus algae and herbivores
(2 TL). We characterized the strength of trophic cascades in
each stream as the log response ratio ln [P⫹ⲐP⫺] where P ⫹
and P– are algal biomass (measured as chlorophyll a) on
experimental tiles in the presence verses absence of ﬁsh predators, respectively. Values of zero indicate no eﬀect of predator
exclusion on standing algal biomass. Values greater than zero
signify that predator exclusions led to reduced algal biomass,
as would be expected if predators have a positive, indirect
eﬀect on algae through their reduction of herbivores. Negative values, which occurred in a few streams, indicate that
exclusion of predators exacerbated losses of algae to herbivores. To assess whether trophic cascades were signiﬁcantly

diﬀerent than zero across all streams, we ran a mixed model
ANOVA and tested for a non-zero intercept with stream
included as a random eﬀect in the analysis. Note that our use
of log response ratios analyzed with a mixed model is identical to how meta-analyses routinely compare consumer eﬀect
sizes across systems (Leroux and Loreau 2008, Shurin et al.
2002). As such, we are essentially performing a meta-analysis
of 17 experiments where each stream contributes one data
point (i.e. eﬀect size).
Lastly, we used linear regressions to assess whether the
strength of trophic cascades covaried with the proportion of
mobile or structurally defended herbivores, the number of
algal and herbivore species, and the biomass speciﬁc rates of
production (algal production-per-unit biomass (P:B)) within
a stream. To determine the proportion of mobile or structurally defended herbivores, we used classiﬁcations from the literature to categorize herbivores according to their mobility
and presence/absence of a structural defense (shell or casing)
(see Appendix 1 Table A1 for classiﬁcations and references).
These traits are known to play a key role in the ability of herbivores to avoid localized predation by ﬁshes in streams and
represent potential forms of predator avoidance (Lima 1998,
Schmitz et al. 2004). Based on these traits, we calculated the
proportional abundance of mobile and structurally defended
herbivores present in each stream (Appendix 1 Table A1).

Results
Effectiveness of exclusions
Visual surveys showed that the electrical fences were highly
eﬀective in excluding ﬁsh from foraging on the treatment
tiles. Although the number of times that predatory ﬁsh visited
a tile over the 4-h observation periods did not diﬀer among
treatments (Fig. 3A; ANOVA, F2,311 ⫽ 0.109, p ⫽ 0.90), ﬁsh
remained to forage on invertebrates for 14 to 16 times longer
on control tiles (6.1 s ⫾ SD 0.33) than on the tiles with high
(0.38 s ⫾ SD 0.03) or low (0.44 s ⫾ SD 0.03) voltage electrical exclusions (Fig. 3B; ANOVA, F2,311 ⫽ 343.6, p ⬍ 0.01;
Tukey’s: control vs low voltage, p ⬍ 0.01; control vs high
voltage, p ⬍ 0.01; high vs low voltage, p ⫽ 0.97). The electrical fences with higher voltages were also eﬀective in excluding invertebrate herbivores from the treatment tiles. Over
the course of the experiment, herbivore densities remained
4.7 to 7.8 times lower on high voltage (4.7 ⫾ SD 1.5) or control tiles with no electrical current (7.8 ⫾ SD 2.1) compared
to low voltage tiles from which predatory ﬁsh were excluded
(36.7 ⫾ SD 6.8) (Fig. 3C; repeated measures ANOVA,
F2,48 ⫽ 7.7, p ⬍ 0.01). Thus, the low voltage treatments
successfully excluded ﬁsh, leading to signiﬁcant increases
in herbivore densities, whereas the high voltage treatments
successfully excluded both ﬁsh and invertebrate herbivores
from the colonization substrates.
Variation in the strength of trophic cascades
Results of a mixed model ANOVA indicated that log ratios
of algal biomass were, on average, signiﬁcantly greater than
zero (DF ⫽ 16, t ⫽ 2.72, p ⫽ 0.02) with a mean value of
0.34 and a 95% conﬁdence interval from 0.07 to 0.60
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Figure 3. Electrical fences successfully prevented invertebrate herbivores and predatory ﬁsh from colonizing and/or foraging on experimental tiles placed in streams, thereby creating tile communities with only algae (1 trophic level or TL) or only invertebrate herbivores and algae
(2 TL). Fish, invertebrates, and algae (3 TL) had access to control tiles. (A) Fish densities, as measured by the mean number (⫾ SD) of ﬁsh
visits to each 4-h observation block, were not diﬀerent between treatments and control tiles, however, (B) the mean (⫾ SD) number of
seconds a ﬁsh spent foraging on a tile was signiﬁcantly greater for the control tiles over those which were electriﬁed to exclude ﬁsh. (C) The
mean number (⫾ SD) of individual herbivores counted at weekly intervals from weeks three through seven were signiﬁcantly higher at week
seven on the tiles that excluded ﬁsh than on the control tiles where ﬁsh continued depredating herbivores.

(Fig. 4A). Thus, trophic cascades were prominent in the
17 streams studied with evidence of signiﬁcant indirect eﬀects
of predators on primary producers. On average, ﬁsh predation on the control tiles increased algal biomass by 60% relative to tiles on which ﬁsh were excluded (0.8 mg l⫺1 ⫾ SD
0.8 vs 0.5 mg l⫺1 ⫾ SD 0.3, respectively), and algal biomass
in the absence of ﬁsh and herbivores increased by 140%
relative to tiles on which herbivores grazed in the absence
of predation (1.2 mg l⫺1 ⫾ SD 1.0 vs 0.5 mg l⫺1 ⫾ SD 0.3,
respectively) (Fig. 4B; ANOVA, F2,46 ⫽ 4.5, p ⫽ 0.02).
Note, however, that there was considerable variation in
both the direction and magnitude of predator impacts in the
17 streams (Fig. 4A). The values of ln [P⫹ⲐP⫺] across the
17 streams ranged from a low of –0.40 (predators decreased
producer biomass by a factor of 0.67 ⫻ relative to controls)
to a high of ⫹ 1.47 (predators increased producer biomass by
a factor of 4.35 ⫻). Thus, there was a substantial amount of
variation in the indirect eﬀects of predators on algae which
provided ample opportunity to test for factors that co-varied
with the magnitude of predator eﬀects.
Covariates of trophic cascades
We found no relationship between the direction and
strength of indirect predator eﬀects and the proportion of
mobile or defended grazers within a stream (trophic cascade
strength ⫽ 0.14 ⫹ 0.37 ⫻ herbivore mobility; F1,15 ⫽ 0.61,
p ⫽ 0.45, r2 ⫽ 0.04) (Fig. 5A) and trophic cascade
strength ⫽ 0.40 – 0.93 ⫻ herbivore defense; F1,15 ⫽ 1.23,
p ⫽ 0.29, r2 ⫽ 0.08) (Fig. 5B). There was also no relationship
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between indirect predator eﬀects and the total number of
herbivores in the stream (trophic cascade strength ⫽ 0.36 –
0.00009 ⫻ number of herbivores; F1,15 ⫽ 0.04, p ⫽ 0.84,
r2 ⫽ 0.003) or number of herbivores present on tiles where
invertebrates were allowed to colonize (trophic cascade
strength ⫽ 0.27 ⫹ 0.001 ⫻ number of herbivores on 2 TL tiles;
F1,15 ⫽ 0.16, p ⫽ 0.69, r2 ⫽ 0.01). Furthermore, there was
no relationship between herbivore diversity and the strength
of indirect predator eﬀects across streams (trophic cascade
strength ⫽ 0.51 – 0.02 ⫻ herbivore diversity; F1,15 ⫽ 0.17,
p ⫽ 0.68, r2 ⫽ 0.01) (Fig. 5C). Thus, we found no evidence
to suggest that trophic cascades were associated with any
measured aspect of herbivore mobility, defense, density or
diversity.
Indirect predator eﬀects were negatively related to algal
species diversity, decreasing by ∼2% for each additional
algal species identiﬁed from a stream (trophic cascade
strength ⫽ 1.34 – 0.02 ⫻ algal diversity; F1,15 ⫽ 4.20,
p ⫽ 0.058, r2 ⫽ 0.23; Fig. 5D). We also found that the
strength of indirect predator eﬀects was negatively related
to biomass speciﬁc rates of production (P:B ratios) by algal
communities across streams (trophic cascade strength ⫽ 0.67
– 23.79 ⫻ P:B; F1,14 ⫽ 13.40, p ⫽ 0.003, r2 ⫽ 0.49) (Fig.
5E). However, we also noted that algal P:B and diversity
exhibited a moderately strong correlation with one another
(algal P:B ⫽ –0.02 ⫹ 0.0006 ⫻ algal diversity; F1,14 ⫽ 4.47,
p ⫽ 0.05, r2 ⫽ 0.24). Given this, we conducted a partial
regression analysis to determine the relationship of each
factor to strength of indirect predator eﬀects after holding
the other factor statistically constant. The partial regression

Figure 4. (A) The presence of a trophic cascade within each stream was measured as the log ratio of algal biomass (chlorophyll a) present on
tiles with (P ⫹) and without (P–) predators (In [P⫹ⲐP⫺]). The ﬁrst value in the graph represents the mean ⫾ 95% CI of the log ratio measured
in all 17 streams as determined by a mixed model ANOVA that accounted for stream as a random variable. The value of the log ratio is then
shown for each individual stream, ranked from lowest to highest (left to right). (B) Algal biomass measured as mean amount of chlorophyll a
(⫾ SD) on tiles diﬀered between treatments (1 TL ⫽ algae only; 2 TL ⫽ algae and invertebrate herbivores; 3 TL ⫽ algae, invertebrate
herbivores, and ﬁsh) indicating that trophic cascades were contributing to the overall structuring of algal communities in streams.

analyses demonstrated that algal P:B could explain variation in strength of indirect predator eﬀects after holding
algal diversity constant, but algal diversity could not explain
variation after accounting for algal P:B ratios (algal diversity
residuals ⫽ 0.24 – 16.34 ⫻ algal P:B; F1,14 ⫽ 5.40, p ⫽ 0.04,
r2 ⫽ 0.28, and algal P:B residuals ⫽ 0.16 – 0.003 ⫻ algal
diversity; F1,14 ⫽ 0.14, p ⫽ 0.72, r2 ⫽ 0.01). Furthermore,
algal P:B was inversely related to the total amount of herbivory on the tiles (herbivory ⫽ 1.21 – 24.58 ⫻ algal P:B,
F1,14 ⫽ 14.57, p ⫽ 0.002, r2 ⫽ 0.51), which helps explain
why P:B was the only factor signiﬁcantly correlated with
variation in the strength of indirect predator eﬀects across
streams.

Discussion
Here we have reported the results of an experiment conducted currently across 17 streams throughout the Sierra
Nevada mountain range. We have shown that, when averaged across all streams, top consumers indirectly increase the
biomass of primary producers as would be predicted by a
trophic cascade. However, the indirect eﬀects of predators
on algae ranged from moderately negative (predator removal
increased loss of algae to herbivores) in a small number of
streams, to strongly positive in others (predators increasing
algal biomass ⬎ 4.35-fold in the most extreme case). Within
each stream, we collected the data needed to address three

Figure 5. The presence of a trophic cascade within each stream was measured as the log ratio of algal biomass (measured as chlorophyll a)
present on tiles with (P ⫹) and without (P–) predators (In [P⫹ⲐP⫺]). The trophic cascade metric was not related to: (A) herbivore antipredator behavior as measured by the percentage of mobile herbivores present in each stream, (B) herbivore anti-predator defenses as
measured by the percentage of herbivores defended by a hard casing or shell present in each stream, and (C) herbivore diversity across
streams. The presence and strength of trophic cascades decreased with (D) increasing algal species diversity in streams, and E) increasing
algal production-to-biomass ratios (P:B). Algal P:B and diversity were strongly correlated and subsequent partial regression analysis demonstrated that algal diversity was unrelated to trophic cascade strength.
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common predictions regarding potential controls over the
strength of trophic cascades: 1) trophic cascades are weaker
in systems where the dominant herbivores are able to avoid
predation through increased mobility or defensive structures
(Persson 1999, Schmitz et al. 2004), 2) trophic cascades are
weaker in more diverse food webs (Strong 1992), and 3)
the strength of trophic cascades increases as the producer
production-to-biomass (P:B) ratios (turnover rates) increase
(Shurin and Seabloom 2005). The results of our experiments
did not fully support any of these predictions. We found no
relationship between the indirect eﬀect of predators and the
proportion of herbivores that were considered to be highly
mobile or defended by structures. We also found no relationship between indirect predator eﬀects and the diversity of
either herbivores or algae (after accounting for cross-correlations with other predictors). We did ﬁnd a signiﬁcant relationship between the strength of indirect eﬀects by predators
and the P:B ratios of producers; however, this relationship was
opposite of what has been theoretically predicted, a point that
we return to later in the discussion.
Our results contrast with a recent meta-analysis by
Schmitz et al. (2004) in which the authors synthesized
results from studies that measured trophic cascades in
marine, freshwater, and terrestrial systems. They hypothesized that a tradeoﬀ between prey foraging eﬃciency and
the risk of predation was a key factor driving variation in
the strength of cascades across systems. The assumption
behind their hypothesis is that mobile or defended herbivores can temporarily escape predation and then continue
grazing, thereby dampening an indirect eﬀect of predators
on plant growth. We found that neither the abundance of
highly mobile herbivores, nor the abundance of structurally
defended herbivores was related to the strength of indirect
predator eﬀects. Of course, mobility and structural defense
are just two of several means by which herbivores can resist
or avoid predation (Schmitz et al. 2004, Trussel et al. 2006).
Therefore, we cannot eliminate the possibility that other
anti-predator behaviors or defenses not considered in our
study played some role in inﬂuencing the results. But we can
say that two of the more widely studied aspects of predation
risk in streams played no role in driving variation in cascade
strength in this study.
Although univariate analyses revealed no relationship
between trophic cascade strength and the diversity of stream
herbivores, we did initially ﬁnd that the strength of indirect eﬀects by predators decreased with increasing diversity of primary producers in a stream. At the same time,
we found that algal diversity was strongly correlated with
another covariate: algal P:B ratios. After performing a partial
regression analysis to statistically control for this correlation,
there was no signiﬁcant relationship between the strength of
predator indirect eﬀects and algal species richness. This lack
of covariation adds to a body of literature that, as of yet, has
produced little evidence of any relationship between trophic
cascade strength and the diversity of food webs. Experimental studies that have explicitly manipulated species richness
have found no eﬀect of grazer diversity on trophic cascade strength (Duﬀy et al. 2005, Wojdak 2005). A recent
meta-analysis by Borer et al. (2005) examined trophic cascades across a broad array of aquatic and terrestrial systems
and concluded that species diversity at any level (plant,
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herbivore or predator) was unrelated to the strength of trophic
cascades. The primary contrast to these conclusions comes
from Halaj and Wise (2001) who examined the occurrence
of trophic cascades in terrestrial systems and found they were
most pronounced in homogeneous, simpliﬁed crop systems.
They speculated that a lack of plant community diversity in
the crop systems was a signiﬁcant contributor to the prevalence of trophic cascades in these systems. It seems safe to
say that, at present, existing data do not provide strong support for Strong’s (1992) classic hypothesis that increasing
food web diversity decreases the strength of trophic cascades.
However, one caveat to this conclusion is that, while Strong’s
hypothesis was phrased in terms of species diversity, the speciﬁc characteristic of a diverse food web that was presumed
to dampen cascade strength was the reticulate nature of species interactions that were thought to allow for many alternative pathways of energy ﬂow in a diverse system. As such,
a complete test of this hypothesis requires consideration of
not just species diversity, but of the degree of connectedness
among species, since it is possible for diverse food webs to be
arranged into parallel chains composed of a small number of
interacting species.
Of the potential covariates considered in our study, the
strength of predator indirect eﬀects on algal biomass was only
signiﬁcantly related to producer P:B ratios. Yet, the direction
of this relationship was opposite of what is predicted in some
food web models where high plant P:B ratios generate stronger top-down control (Shurin and Seabloom 2005). The
primary reason these models predict a positive relationship
between P:B and trophic cascades is that, in systems with
higher P:B ratios, producers are assumed to allocate more
resources to growth and photosynthetic tissue per unit biomass. Because these types of tissues tend to be more edible
and nutritious for grazers (Cebrian 1999), it is assumed that
higher P:B will support greater rates of herbivory, higher
production of herbivores, and a greater abundance of predators that can exhibit top–down control.
Contrary to these predictions, we found that the magnitude of indirect predator eﬀects on algae decreased with
increasing P:B ratios. One of the primary reasons we obtained
an inverse relationship between P:B and the strength of
trophic cascades is that, contrary to the assumption of past
models, P:B and the magnitude of herbivory were inversely
related across the 17 streams in our dataset. At present, we
cannot say why this inverse relationship occurred. But one
hypothesis that deserves further attention is that the most
productive periphyton in these streams may have also been
the least edible. Dominance by highly productive but inedible species may have dampened the strength of trophic cascades, as has been proposed by others (Borer et al. 2005,
Chick et al. 2008).
This hypothesis runs counter to one of the key predictions
of life-history theory where it is typically assumed that the
ability of primary producers to resist or defend against herbivores is costly. As such, plants and algae are often expected
to exhibit inherent tradeoﬀs between their ability to compete
for resources and grow versus their ability to defend against
consumers. But there is growing evidence that this tradeoﬀ
is not as common as has been assumed. For example, Viola
et al. (2010) recently performed a meta-analysis of terrestrial plant competition and herbivory studies and found

that less than one-third of all plant communities considered
displayed any evidence of a tradeoﬀ between a plant species’ ability to compete for inorganic resources versus their
ability to withstand consumption by herbivores. Similarly,
a review of freshwater algae by Agrawal (1998) found that
the results of many experiments are not consistent with lifehistory theory, such as when suppression of herbivores has
led to dominance by grazing resistant algal taxa (a common
result). If the most competitive or productive species are
not constrained by their grazers to the extent that has been
previously assumed, then one of the key theoretical assumptions about how P:B ratios inﬂuence trophic cascades could
be fundamentally incorrect. To determine whether this is so,
and to advance trophic cascade theory, future studies will
need to determine how life-history traits of producers such
as competitive ability, growth rate, and edibility or defense
against herbivores covary with one another.
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60
3

L
L
L

Defense (% of herbivores considered defended by a shell or casing)

I
I
I
I
I
I

5
1
3

Brachycentridae
Micrasema
Caddis ﬂy (2, 6)
Glossosomatidae Glossosoma
Caddis ﬂy (2, 6)
Hydroptilidae
NA
Caddis ﬂy (2, 6)
Lymnaeidae
Radix
Snails (7)
Planorbidae
NA
Snails (7)
Planariidae
Dugesia
Flat worm (8)
Mobility (% of herbivores considered mobile)

Elmidae
Elmidae
Elmidae
Chironomidae
Brachycentridae

I
I
I
I
I
I

I

L
A
L
L
L
L

A

Rifﬂe Beetle (4)
Rifﬂe Beetle (4)
Rifﬂe Beetle (4)
Rifﬂe Beetle (4)
Midge (5)
Caddis ﬂy (2, 6)

Elmidae

40
12

11

20

1

16
63

1
3

13
5

47
7

41

1

105

CT

73

CO

Rhizelmis
Rhizelmis
Ampumixis
NA
NA
Brachycentrus

N
N
N
N
N
N
N
N
N
N
N
N
N
N
N
N
N
N
N
C
C
C
C
S
S
N

S/C/N

Rifﬂe Beetle (4)

M
M
M
M
M
M
M
M
M
M
M
M
I

M/I

Optioservus

L
L
L
L
L
L
L
L
L
L
L

LS

Elmidae
Elmidae

Amphipod (1)
Amphipod (1)
Mayﬂy (2, 3)
Mayﬂy (2, 3)
Mayﬂy (2, 3)
Mayﬂy (2, 3)
Mayﬂy (2, 3)
Mayﬂy (2, 3)
Mayﬂy (2, 3)
Mayﬂy (2, 3)
Mayﬂy (2, 3)
Mayﬂy (2, 3)
Rifﬂe Beetle (4)

Description

Tricorythodes
Optioservus

Gammarus
Hyalella
Baetis
Siphlonuris
Epeorus
Heptagenia
Drunella
Ephemerella
Seratella
Timpanoga

Genus

Tricorythidae

Hyalellidae
Baetidae
Siphlonuridae
Heptageneiidae
Heptageneiidae
Ephemerellidae
Ephemerellidae
Ephemerellidae
Ephemerellidae
Leptophlebeiidae

Gammaridae

Family

1

34
44

3

40

41
1

3

90

2

EW

9

66

13

20

11
7

0

99

1

1

24

8

197

786

5

1
33
0

2

1
59
0

59

3

24
1
4

12

37
12

LW

0.3

67

2

2

204

1

5

2

19

410

MA

78

MG

97
0

2

1

5

2

4

LR

28

6

HV

5

29

72

HI

32

62

GR

81
0

5

28

23

21

98

MI

51
4

4

42

8

39

PI

2
11
56

46

48

2

50

5

14

RU

2
28
7

4

29
13

31

104

1

2

2

67

SU

24
34

1
6

7

17
3

4

7

5

UO

56
2

1
34 16

12
1

2

5
25

19
2

46

VI

12
8

28
16

8

119

9

15

WH

Table A1. Identiﬁcation of herbivores to lowest possible taxa, classiﬁcation of life stage (LS; L = larval, A = adult), mobility (M/I; M = mobile, I = immobile), defense (S/C/N; S = shell, C = casing, N =
none), and occurrence in each stream. Stream abbreviations are listed in Table 1 of the main text. The proportion of herbivores considered mobile and defended in each stream are listed in the ﬁnal two
rows. The respective references are given in italics in column Description.
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